
INTRODUCTION

Assessing stream health by monitoring benthic inver-
tebrate communities is an integral part of water quality
management worldwide. Benthic biomonitoring is in-
cluded in a number of national and international pro-
grammes, e.g., Canada’s Environmental Effects
Monitoring (EEM) program, New Zealand’s National
River Water Quality Network (NRWQN), and the Euro-
pean Union’s (EU) Water Framework Directive (WFD).
Benthic species are favoured in bioassessment as they in-
tegrate local conditions throughout the aquatic phase of
their life-span, complementing water chemistry grab sam-
ples and toxicity testing (Karr, 1993). However, monitor-
ing these communities often requires a large field sampling
effort, which, coupled with the time and cost associated
with sorting and identifying samples, can result in expen-
sive studies and large time lags in data return (Barbour et
al., 1999). Concerns associated with expense and time re-
quirements have resulted in the development of a number
of rapid bioassessment protocols (RBPs) in an effort to re-
duce costs and provide quicker turn-around of data (Wright
et al., 1984; Lenat, 1988; Barbour et al., 1999, Dickens
and Graham, 2002; Flotemersch et al., 2006).

RBP’s can be simplified at a number of different

stages. The processing of benthic invertebrate samples is
time consuming largely because of the considerable effort
required to separate all of the organisms from the debris
that is collected with the samples (Rosillon, 1987; Ci-
borowski, 1991) and so, changes to subsampling strate-
gies are the most common area for simplification
(Barbour et al., 1999). In the United States, most state
agencies that collect macroinvertebrates for stream bio-
monitoring do not process samples in their entirety but
subdivide them into a more manageable size, either pro-
cessing a fixed proportion of the sample or removing a
fixed number of organisms (Carter and Resh, 2001). Un-
biased subsampling can be highly technical, involving
specially designed equipment such as a Marchant box
(Marchant, 1989) or involve relatively quick and inexpen-
sive methods such as grid trays (Sovell and Vondracek,
1999) or sieves (Cuffey et al., 1993). Subsampling can be
focused on a fixed count or time strategy, counting taxa
found in subsamples until a given taxa count (Lenat,
1988; Vinson and Hawkins, 1996) or time is reached
(Chessman and Robinson, 1987). Subsampling in the field
is often accompanied by removing organisms from the de-
bris live, with no visual aids, while lab subsampling is fol-
lowed by sorting of preserved samples under the
microscope. 
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ABSTRACT
Benthic invertebrates are used by a number of agencies worldwide as indicators for assessing stream health, which has resulted in

the development of a variety of protocols for collecting and processing benthic samples. The large number of methods used means that
calibration of data collection is not always possible, but if different methods produce similar estimates of community composition and
metric values, then sharing of data can make bioassessments more efficient. This study explored the effect of two approaches to sub-
sampling and sorting of benthic invertebrates on community composition, calculation of metrics, and assessment of stream health. We
compared two commonly used sampling methods: a rapid approach, employing live, unaided sorting and a standard approach using
microscope sorting of preserved samples, through a comparison of replicate samples collected from 61 streams. This study found that
both methods resulted in similar estimates of community composition at a site, as determined by the Bray-Curtis similarity index. How-
ever, the live sorting methodology resulted in greater family richness and higher estimates of metrics that reflect large taxa (i.e., %EPT).
Despite differences in a number of metrics, both methods performed equally well at identifying impairment in the test sites, with live-
sorting samples slightly more sensitive.
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393Are bioassessments affected by rapid approaches?

Although there are many subsampling and processing
options available when selecting a bioassessment proto-
col, the underlying concept is that the resulting data must
reflect the community composition in the whole sample
to provide a meaningful assessment of impairment
(Growns et al., 1997). Additional considerations include
the comparability of the data collected to other protocols.
This becomes important when datasets need to be com-
bined, for example, when evaluating temporal trends
using historical data collected by different methods or
combining data for regional or large scale analyses (Rehn
et al., 2007). For example, Wilson et al., (2015) showed
how standardizing biomonitoring data collected by differ-
ent agencies could allow for increased spatial and tempo-
ral resolution in the bioassessment of large rivers in the
Northeastern USA. Different data sets are also combined
when local agencies cooperate to contribute to national or
international water quality objectives. For example, the
EU’s WFD initiated a number of studies to determine the
comparability of different benthic sampling protocols in
contributing to their aims of classifying Europe’s fresh-
water resources (Birk and Hering, 2006). In New Zealand,
the Ministry for the Environment established a New
Zealand Macroinvertebrate Working Group to develop
standard protocols based on procedures currently in use
by Regional Councils so as to maximise the value of ex-
isting data sets (Stark et al., 2001)

Here, we examine two common RBP’s used in Canada,
a standard approach (Reynoldson et al., 2003), adopted by
the federal CABIN (Canadian Aquatic Biomonitoring Pro-
gram) and EEM (Environmental Effects Monitoring) pro-
grams and a live-sort approach (David et al., 1998) used by
watershed and provincial organizations. These two assess-
ment approaches both provide a consistent method for as-
sessing biological health and allow for data sharing among
users. Both methods use a kick and sweep collection in the
riffle run habitat and employ fixed count subsampling of
300 organisms, however, the standard method standardizes
sampling effort to time rather than area (live-sort). The
main differences between the two methods are in the sub-
sampling methodology (Marchant box vs teaspoon
method), and the sample sorting methodology (microscopic
sorting of preserved samples versus visual sorting of live
samples). The use of differing methods creates the potential
for inconsistent results when data sets are combined and
may affect the assessment outcomes (e.g., determination of
impairment; Diamond et al., 1996).

The purpose of this comparison is therefore to evalu-
ate whether differences in sample processing result in dif-
ferences in community composition among replicate
samples and if those differences are reflected in biological
metrics and the assessment of biological impairment. By
combining a comparison of differences in benthic inver-
tebrate metrics with a direct assessment of biological im-

pairment, we can determine whether data sets generated
using the two methods can be combined and whether as-
sessment results can be used interchangeably.

METHODS

Study area and sampling protocols

Benthic invertebrates were collected from 61 streams
in Northern Ontario, Canada - latitude 46°-51°W, longi-
tude 79°-94° N (Fig. 1). The streams were selected to rep-
resent least impacted reference sites (n=28) and a variety
of impacted (i.e., test) sites (n=33) in the region. Over a
century of industrial activities in the Sudbury area, in the
eastern portion of our study region has led to widespread
acidification and metal contamination, which is reflected
in slightly elevated concentrations of nickel, zinc, alu-
minium and sulfate in some streams (Tab. 1). The same
sites in a given stream were sampled on the same date in
the fall (September/October) of 2006 using both the stan-
dard and live-sort protocols. 

Invertebrates were collected from each stream by both
methods using a kick-and-sweep with a standard D-frame
net with a 500 μm mesh. The standard method used a 3-
minute, bank-to-bank zigzag traveling kick-and-sweep
primarily within riffle habitat (Tab. 2). Subsampling was
done using a Marchant box whereby the contents of each
randomly selected cell were processed until a minimum
of 300 organisms was enumerated (Marchant, 1989). Or-
ganisms were extracted using a microscope (63X power),
providing an estimate of abundance where the number of
organisms extracted is extrapolated to the entire sample.
The live-sort protocol involved sampling a defined area
(three 1-m2 quadrats) using a kick-and-sweep procedure
rather than a timed collection (Tab. 2) (David et al., 1998).
The live-sort sample processing method involved subsam-
pling from a bucket with a spoon and unaided sorting of
live organisms in a white tray until 100 organisms were
collected from each quadrat. The data were combined to
create a 300 organism count for each stream. In contrast,
with the standard method, no attempt was made to deter-
mine the abundance of taxa relative to the area sampled
as quantitative subsampling was not used. 

All benthic invertebrates were identified to family
level, including Oligochaeta and Hydracarina, which are
typically only identified to class or order. The following
ten metrics were chosen to summarize the benthos count
data: Family richness, Ephemeroptera, Plecoptera, Tri-
choptera (EPT) richness, %EPT, %Chironomidae,
%Oligochaeta, %Mollusca, Simpson’s diversity, Simp-
son’s evenness, and the first two axes from a correspon-
dence analysis (CA) ordination (rare removed - taxa
occurring in 5% or fewer streams (≤3 streams) and with
no more than 10 individuals per 300 count sample) of the
family abundance data (i.e., CA axis 1 and CA axis 2).
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394 A. Vailos et al.

These metrics have been shown to be sensitive in differ-
entiating impacted sites from reference sites under a va-
riety of anthropogenic stressors (Bowman et al., 2006;
Carlson et al., 2013; Narangarvuu et al., 2014). The num-
ber of metrics was limited to ten to ensure sufficient de-
grees of freedom for further statistical analyses.

Habitat descriptors were measured at each site using
protocols outlined in Reynoldson et al., (2003) and David
et al. (1998) and the resulting variables retained for analy-
sis are summarized in Tab. 1. Chemical and physical
water quality measurements (e.g., pH, conductivity, alka-
linity, nutrients, metals, ions, temperature, and dissolved
oxygen) were collected and measured using standard pro-
tocols (Reynoldson et al., 2003). 

Community composition and metric similarity

We used several univariate and multivariate methods
to compare the composition of the benthic invertebrate

community collected by the two sampling methods. The
Bray-Curtis (BC) Similarity Index was used to summarize
differences in community composition between two meth-
ods for each stream. The BC Index is a commonly used
abundance-based index for comparing community simi-
larity in benthic invertebrate studies, providing an easily
interpretable distance metric (Hawkins and Norris, 2000;
Lorenz and Clarke, 2006). Biological assessments often
use summary metrics rather than community composition,
and samples can give similar values for metrics even
though they contain different taxa (Lorenz and Clarke,
2006). Therefore, we also examined differences among
the metrics calculated from the two methods. Paired t-tests
were used to assess whether the metrics agreed on average
by testing the null hypothesis that the mean difference for
each metric between the methods is zero. A rejection of
the null hypothesis indicates that there is consistent ten-
dency for a metric to be higher in one method than the
other (called the bias). The variation about this mean is

Fig. 1. Locations of sampling sites (n=61) in Northern Ontario, Canada.
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estimated by the standard deviation of the differences.
To evaluate the degree of agreement in metrics be-

tween the two methods, simple linear regressions were per-
formed to give a correlation coefficient, slope, and
intercept for each metric. The Pearson correlation coeffi-
cient (r) was used as a measure of association. Perfect cor-
relation (r=1) means that the values calculated by the two
methods increase directly in proportion to one another, but
does not imply they are identical. Systematic differences
can be present, which are reflected in the slope and y-in-
tercept of the regression equation. Two-tailed Student’s t-
test’s with significance α=0.05 were used to check if the
slope differed from 1 (proportional systemic error) and if
the intercept deviated from 0 (constant systematic error).

Metrics were log10 square root or square root of the arcsine
transformed where transformation helped meet assump-
tions of normality (%Chironomidae, %Oligochaeta only).

Assessment outcomes

We used a reference-condition approach to assess the
ability of the two methods to distinguish impaired sites
from reference condition. Appropriate reference sites for
each stream were identified following Parsons et al.
(2010). A Redundancy Analysis (RDA) with stepwise re-
gression was performed on a correlation matrix of cen-
tered and standardized variables to identify those water
chemistry variables (Tab. 1) that explained a significant
amount of the variance in the abundance of the benthic

Tab. 1. Water chemistry and habitat characteristics of the study sites, with means (median for substrate and other variables estimated
by % cover) and ranges given for the reference (n=28) and test (n=33) sites.

                                                                                                 Reference streams                                                           Test streams

Water chemistry
Aluminum (mg L–1)                                                                   71.07 (4-244)                                                            126.1 (8.0-404.0)
DOC (mg L–1)                                                                         9.95 (3.08-27.74)                                                         8.58 (2.24-29.01)
Calcium (mg L–1)                                                                    8.08 (1.64-20.61)                                                       15.77 (0.70-119.28)
Iron (mg L–1)                                                                            0.27 (0.01-0.76)                                                           0.34 (0.03-0.95)
Conductivity (uS cm–1)                                                           66.5 (16.4-244.0)                                                         246.3 (6.38-1184)
pH                                                                                            7.14 (6.40-8.62)                                                           6.97 (5.22-7.92)
Nickel (mg L–1)                                                                        2.07 (0.86-9.66)                                                          121.6 (0.83-1581)
TP (mg L–1)                                                                              76.4 (6.6-217.0)                                                          92.3 (24.7-229.6)
SO4 (mg L–1)                                                                           5.98 (1.17-10.47)                                                        42.43 (2.43- 690.5)
TSS (mg L–1)                                                                             1.31 (0.2-4.6)                                                              6.71 (0.2-52.8)
Zn (mg L–1)                                                                              2.22 (0.05-5.87)                                                           20.7 (0.5-256.5)

Habitat variables Average depth (cm)                                         35.1 (8.7-83.8)                                                            36.3 (12.0-84.7)
Average velocity (m2 s–1)                                                            0.19 (0.02-0.34)                                                           0.18 (0.02-0.47)
Wetted width (m)                                                                        10.48 (2.0-60.0)                                                           7.02 (1.07-17.2)
Canopy cover (%)                                                                             5 (0-90)                                                                       0 (0-100)
Substrate-silt (%)                                                                              0 (0-90)                                                                        0 (0-70)
Substrate-sand (%)                                                                           10 (0-70)                                                                     20 (0-100)
Substrate-cobble (%)                                                                       30 (0-95)                                                                      10 (0-90)
Substrate-boulder (%)                                                                       0 (0-90)                                                                        0 (0-50)
Macrophytes (%)                                                                              0 (0-30)                                                                        5 (0-80)
Detritus (%)                                                                                     0 (0-100)                                                                      0 (0-100)
Algae (%)                                                                                          0 (0-90)                                                                        0 (0-95)
Organic matter (%)                                                                           0 (0-50)                                                                       0 (0-100)
Woody debris (%)                                                                             0 (0-10)                                                                        0 (0-10)
DOC, dissolved oxygen concentration; TP, total phosphorus; TSS, total suspended solids. 

Tab. 2. Comparison of sampling and sorting methods between the rapid and standard approach.

Method                                                                                              Rapid                                                                        Live-sort

Sampling area                                                                                1 m2 quadrat                                                          Travelling: 3 minutes
Subsampling                                                                       Bucket and spoon method                                                     Marchant box
Sorting                                                                                              Unaided                                                                     Microscope
Number of samples                                                                                3                                                                                   1
Number of organisms per samples                                                      100+                                                                             300+
Density calculations                                                                          100 X 3                                                             300 X % subsampled
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invertebrate families in the reference-site communities.
Rare families representing <5% of the total abundance
were not used in the analysis. Separate RDAs were per-
formed using i) rapid method; and ii) standard method
benthic data to determine if the significant explanatory
variables differed among the two sets of data. Patterns
among the significant water chemistry variables identified
in the RDA and 13 habitat descriptors (Tab. 1) were sum-
marized using a Principal Component Analysis (PCA) of
a correlation matrix PCA axes 1 through 4 were retained
after evaluating the scree plot. The site scores for the 4
principle components were used to calculate Euclidean
Distances between each test stream and the reference
streams. This calculation allowed us to identify the nearest
neighboring (NN) reference sites for each test stream to
ensure that we compared test streams with chemically and
physically similar reference streams. Although 30-50 ref-
erence sites are recommended (Bowman and Somers,
2006), we only had 28 reference sites available. As a re-
sult, we used the 15 most similar reference sites for the
assessment of each test site.

Each test site was compared to its set of NN reference
sites using a multivariate one sample t-test called Test Site
Analysis (TSA; Bowman and Somers, 2006). TSA uses
the Mahalanobis or generalized distance (D) to quantify
the difference between a potentially impaired test site and
the mean for a set of reference sites. The analysis involves
a non-central (or equivalence) test that evaluates whether
the test site falls outside of the normal range for the ref-
erence sites (Kilgour et al., 1998). If the difference be-
tween the test site and the mean of the reference sites
exceeds the normal range (i.e., is significant at P<0.05)
the test site is deemed to be significantly impaired. If the
P-value approaches 1 (i.e., P>0.95), the test site can be

considered in reference condition. If the P-value falls be-
tween these two values (i.e., 0.05<P<0.95) the test site is
characterized as potentially impaired. TSA can include
calculations of T² and partial T2 statistics that identify the
metrics that were most important in determining the dif-
ference between the test and reference sites. TSA was per-
formed using the ten biological metrics for each
individual test site compared to the mean values for the
15 NN reference sites. For each test site, separate TSA’s
were performed for the standard and live-sort method
samples to determine if the two methods classified the test
sites into different impairment categories. The statistical
package CANOCO (ter Braak and Šmilauer, 2003) was
used for all ordination analyses. All TSA calculations
were done in Excel (ver. 14).

RESULTS

Community composition

The majority of families encountered were collected by
both methods, with a few exceptions (Standard method
only: Trhypachthoniidae, Aeolosomatidae, Halacaridae,
Limnocharidae, Malaconothridae and Onychiuridae; Live-
sort method only: Molannidae, Baetiscidae, Belostomati-
dae, Leptohyphidae, Lestidae, Momoniidae, Neoacaridae,
Noctuidae, Notonectidae, and Sericostomatidae). These
families were often very rare (i.e., found in <5% of the
sites); however, in some cases, the families were found in
>5% of sites (Standard Approach: Aeolosomatidae, Ha-
lacaridae, and Trhypachthoniidae). The BC similarity index
was used to compare the communities collected by each
method for each stream individually. BC similarities were
generally high (44-99% - Tab. 3). Similarity appeared to be
related to the degree of disturbance. Reference streams

Tab. 3. The mean difference and standard deviation between the two methods for each metric is given. Significance was tested using
paired t-tests. A negative mean difference indicates that the values for that metric were more often higher in the standard over the rapid
protocol. Simple linear regressions were calculated (Metric(Standard)=m*Metric(live-sort)+b) and the correlation coefficient (r), slope (m),
and intercept (y) is illustrated below. Systematic error was tested using t-tests on both the slope (b=1) and intercept (m=0). 

Metric                                                                                  Paired t-test                  Regression              Slope (=1) Intercept (=0)
                                                                      Mean       SD           t             P            r            m           b            P            t             P            t             P

Community descriptors                                     
Family richness                                            3.7          4.45       6.50        **         0.78       0.75        2.18        **         -3.19         *           1.13     0.260
EPT richness                                                 2.04        2.21       7.22        **         0.91       0.83      -0.55        **         -3.28         *         -1.05     0.299
Simpson’s diversity                                     0.09        0.17       4.28        **         0.59       0.57        0.21        **         -4.19        **          2.76     0.008
Simpson’s evenness                                     0.03        0.10       2.73         *          0.05       0.05        0.16      0.65       -8.03        **          6.17        **

Relative abundance descriptors
% EPT                                                        18.40      16.47       8.72        **         0.83       0.53      -2.20        **       -10.47        **        -1.11      0.273
%Chironomidae                                        -14.68      20.16      -5.69        **         0.63       0.57      29.70        **         -4.69        **          7.61        **
%Oligochaeta                                              -7.38      11.64      -4.95        **         0.78       1.33        5.25        **          2.40     0.019       3.11         *
%Mollusca                                                  -1.51        3.31      -3.57        **         0.78       0.82        2.09        **         -2.22     0.030       4.29        **
CA Axis 1                                                    -0.11        0.23      -3.88        **         0.93       0.80        0.11        **         -4.58        **          4.55        **
CA Axis 2                                                     0.01        0.18       0.56      0.57        0.92       0.84      -0.02        **         -3.56         *         -0.898   0.373

*P<0.01; **P<0.001.
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were very similar (77-99%) but impacted streams ranged
more widely (44-94%). Three sites in particular, all test
sites, had low similarity between the two methods.

Metric similarity

Mean differences between metric values for each
method differed significantly from zero for all metrics ex-
cept for CA axis 2 scores (paired t-test, P<0.001, Tab. 3).
The live-sort approach resulted in consistently higher esti-
mates of family richness, EPT richness, and % EPT. In no
stream was family richness equal between the two methods.
On average, the difference in richness between the two
methods was 3.7 families; however, the difference was
quite large in some streams (>10). For example, at one site
more than twice as many families were collected using the
live-sort approach (richness=30) in comparison to the stan-
dard method (richness=12). Those families found only in
samples processed using the live-sort method were usually
uncommon/rare (less than 10 individuals found across all
sites). The live-sort approach also resulted in greater esti-
mates of EPT richness (average difference=2 families). A
greater proportion of those samples were composed of EPT,
which was up to 57% higher in those samples from the
rapid method (average difference=18.4%).

Proportionally, the standard method samples had a
greater composition of families comprised of small organ-
isms (e.g., Chironomidae and Oligochaeta). This was par-
ticularly evident at one site, where the lower family
richness could be attributed to the almost complete domi-
nance of Chironomidae in the standard sample (89%). Es-
timates of %Chironomidae were up to 44% higher in
standard samples. Although in general, samples collected
using the standard method had generally higher %Chirono-
midae, the variation in this metric was very large
(SD=20.16). At one site, the live-sort sample recorded
twice as many chironomids than the matching standard
sample. The %Oligochaetes in a sample was also higher in
the standard samples (77% of the time). The difference in
% Oligochaetes was due to much higher values in the stan-
dard sample, up to 44% higher. When live-sort samples
were higher than standard samples, the difference was usu-
ally only a few percent (<12%). The average difference in
proportion of Oligochaetes between standard and live-sort
samples was 7.38%. CA axis 1 also reflected this gradient
of more Chironomids and Oligochaetes in standard samples
and more EPT in live-sort samples.

The equation for the best fit line relating standard and
live-sort methods samples for each of the four metrics is
given in Tab. 3. Four metrics exhibited high association:
family richness (r=0.78), EPT richness (r=0.91), % EPT
(r=0.83), and % Mollusca (r=0.78) (Fig. 2). For the two-
tailed Student t-tests with the null hypothesis of the slope
equalling one and the intercept equalling zero, P values
were less than 0.05 for the majority metrics, indicating

both proportional (slope≠1) and constant (intercept≠0) er-
rors in agreement between the two methods. Most errors
were proportional, with differences between the two
methods increasing at higher metric values. 

Assessing impairment

An RDA of the standard data identified two water
chemistry variables that significantly explained the vari-
ation in abundance of benthic invertebrate families in the
reference streams; aluminium and total suspended solids
(TSS). The live-sort RDA identified conductivity and TSS
as significant predictors, but aluminium was not found to
be significant. Typically, variables which are affected by
anthropogenic impacts are not included when selecting
reference streams and therefore aluminium was excluded
from the analysis. Although it may be affected by acidifi-
cation and urbanization, conductivity and TSS was re-
tained to capture the large variation seen among reference
streams, as has been shown in previous studies (Rosen-
berg et al., 1999; Parsons et al., 2010). A PCA using these
two water chemistry variables (TSS and conductivity) and
all 13 habitat descriptors (Tab. 1) was used to determine
the nearest neighbours (NN). 

PCA axes 1 and 2 are presented in Fig. 3. Principal
Component axis 1 represented a substrate/ flow gradient;
velocity (-0.74) and % gravel/cobble (-0.68) had high neg-
ative loadings whereas % clay/silt (0.89) and % organic
matter (0.64) had positive loadings. Principal Component
axis 2 separated deeper (0.64) and wider sites (0.60) from
small, shallow sites high in TSS (-0.54). Principal Com-
ponent axis 3 had positive loadings for conductivity (0.50)
and % algae (0.54), separating these sites from those high
in % detritus (-0.56) and % woody debris (-0.55). Princi-
pal Component axis 4 separated two contrasting substrate
types, those high in % sand (-0.68) from those high in %
boulder (0.60).

We used TSA to evaluate the magnitude of difference
between each test site and the appropriate NN reference
sites for each of the standard and live-sort data. Agreement
between assessment outcomes was high, with 88% (29 out
of 33) of test sites assessed as impaired or potentially im-
paired. Similarly, there was moderate agreement between
the generalized distance (D), which represents the distance
between each site and the reference sites, generated by the
two methods (Fig. 4; r=0.61, P=0.002). Generally, the live-
sort method detected a greater difference (higher D values)
from reference condition at most test sites. The higher D
values in live-sort samples resulted in different assessment
outcomes at 11 test sites. In five sites, differences in as-
sessment outcomes were large (Tab. 4). At four of these
sites, the live-sort method found them to be significantly
impaired while the standard method indicated they were
in reference condition. A comparison of both methods to
identify each reference site as in reference condition (by
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comparing it to the appropriate NN reference sites) re-
vealed that neither method identified any of the reference
sites as impaired. However, two of the reference sites were
identified as potentially impaired by the live-sort method
while only one of the reference sites was identified as po-
tentially impaired by the standard method. 

We re-ran the TSA’s for each site, removing the met-
rics individually, to provide a partial T2 values for each
metric. This allowed us to determine whether the metrics
that were important in separating the test community from
reference conditions were the same in both samples (stan-
dard versus live-sort). For example, at one site, % EPT
added the most unique information (partial T2=1140,
F=9.3, P=0.03) in the standard sample, and the removal
of this metric found the site to be only potential impaired.
In contrast, %Oligochaeta was the most important metric
distinguishing this test site from reference when live-sort

sample data was used (partial T2=135, F=105.1,
P=0.0001). Removal of this metric from the analysis re-
sulted in no significant difference from reference condi-
tions for this test site. Among the nine sites found to be
significantly impaired by both methods, the most impor-
tant metric separating the test site from the reference sites
was the same at five sites. Overall, %Oligochaeta was
most often the most distinguishing metric among sites
found to be significantly impaired using live-sort samples
(9 out of 19 sites). In contrast, %Chironomidae was most
often important in the standard samples (7 out of 14 sites).

DISCUSSION

In this study, we compared two common benthic
bioassessment methods to determine the extent to which
differences in subsampling and sorting methodology af-

Fig. 2. Correlation between EPT richness, family richness, relative abundance of EPT, and relative abundance of Mollusca in the standard
and live-sort method samples. The solid line shows the line of perfect agreement and the dashed line shows the least-squares regression
relationship (P<0.001).
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fect the assessment of biological impairment in streams.
The two methods compared differed primarily in their ap-
proach to sorting: the standard method involved preserv-
ing samples for later subsampling using a Marchant box,
with sorting and identification under a microscope, while
the second approach used a live-sort methodology with
no microscopic aid. Similarity in community composition
between samples was high; however, significant differ-
ences between many indicator metrics were evident. The
increased likelihood of finding rare taxa in the live-sort
method resulted in differences in metrics which were af-
fected by richness, including Simpson’s diversity, Simp-
son’s evenness, family richness, and EPT richness.
Despite differences in the inclusion of rare taxa, both
methods performed similarly in identifying biological im-
pairment, with live sorting methods identifying 97%
(32/33) of test sites as impaired or potentially impaired
while the standard method identified 88% (29/33) as such. 

Similarity in community composition between the two
methods, as assessed using the BC similarity index, was
high at the majority of sites, particularly among reference
sites. This similarity was higher than between replicate
samples in an evaluation of sample coherence by Lorenz
and Clarke (2006), who found an average similarity of
70% between replicates. They also found low similarity
between live-sorting and lab-sorting methods (e.g., be-
tween the STAR-AQEM and Italian IBE method), sug-
gesting that these two protocols result in significantly
different estimates of community composition. However,
these differences may have also resulted from differences
in stream microhabitats sampled, which also varied be-
tween the methods. Interestingly, we found that reference
sites exhibited more within site similarity than test sites,
suggesting method differences may be less important in
reference streams. 

The similarity observed in community composition be-

Fig. 3. Principal Component Analysis biplot of the 13 habitat
and 2 water chemistry variables in the 28 reference sites (closed
circles). Test sites (open circles) were passively projected onto
the ordination diagram.

Tab. 4. Results for test streams in which the two methods gave different assessments of impairment are given, including the generalized
distance (D), effect size (F), and non-central P-value.

                                                                                                                  Test site analysis result
Site                                                                      D                F                P           Assessment                    D                 F                 P        Assessment

Live-sort method more sensitive
SUD202                                                          4.00           16.8            0.98          Reference                   21.47           485.0          <0.01        Impaired
SUD208                                                          4.27           19.2            0.96          Reference                   29.36           907.1          <0.01        Impaired
NMCN                                                            4.27           19.2            0.96          Reference                   21.21           473.5          <0.01        Impaired
SUD216                                                          3.67           14.2            1.00          Reference                     6.97             51.2            0.31        Potential

Standard method more sensitive
SUD214                                                        10.33          112.3            0.029         Impaired                      3.77             15.0            0.99       Reference

Fig. 4. Correlation between Mahalanobis (generalized distance
- D) in the standard and live-sort method samples. The dashed
line shows the least-squares regression relationship (P<0.001).
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tween methods is not necessarily reflected in indicator
metrics, which may be more heavily influenced by the in-
clusion or absence of rare taxa. The under-representation
of certain taxa in live-sorted samples has called into ques-
tion the accuracy of this method and whether it can be
compared with preserved and microscope-aided sorting
(Smith et al., 1999; Humphrey et al., 2000; Nichols and
Norris, 2006). However, the live-sort method has also been
shown to collect more taxa than microscope sorting
(Borisko et al., 2007). Although we found that the standard
approach identified some taxa not found in the live-sort
samples in our study, live-sort samples resulted in more
taxa and those taxa were generally from large, mobile
groups. This resulted in higher estimates of family richness
and EPT richness, sometimes up to twice as many taxa in
these samples. In comparison, the standard methods results
in samples often dominated by chironomids. 

Variation in metrics exists for a number of reasons, in-
cluding small-scale natural variability or patchiness in
benthic invertebrates within a stream site (Downes et al.,
1993). In a hierarchical study of variation in biological
metrics extending from differences between river basins
to differences among replicate samples, Springe et al.
(2006) found high variation in metrics among replicates
and that metrics connected with taxonomic composition
like EPT taxa, and especially taxonomic groups (%), were
the most variable. Large samples, covering a sufficient
area to adequately represent the benthic community at a
site, are collected so as to reduce the chance of this small-
scale spatial variation influencing between stream assess-
ments. However, such large samples often require
subsampling, another major source of metric variability.
Clarke et al. (2006) found that sub-sampling variation
contributed more than 50% of the overall variance be-
tween replicate samples for some metrics. They demon-
strated that sub-sampling variance was greatest for those
metrics which are based on the numbers of taxa present.
Although replicate samples were not collected in this
study, the consistent bias present in some metrics suggests
that method differences in sorting were responsible for
the within stream variation we have found in richness and
diversity. 

The potential for differences associated with live-sort-
ing has been predicted as a key factor that may affect the
sensitivity of predictive models (Humphrey et al., 2000).
Large differences in assessment outcomes resulting from
different sources of data calls into question the validity of
assessments and their importance in directing changes in
watershed management (Herbst and Silldorf, 2006). How-
ever, previous studies have shown that differences in com-
munity composition and metrics between samples
processed under different sorting methodology, including
live sorting, do not necessarily lead to differences in as-
sessment (Nichols and Norris, 2005; Borisko et al., 2007).

Growns et al., (1997) found that, despite sample differ-
ences in some metrics, all six sample processing methods
evaluated discriminated between reference and impacted
sites. In our study, both methods performed similarly in
identifying biological impairment. However, the live-sort
method identified more sites as impaired in comparison to
the standard methods. This suggests that caution should be
used when assessments combine data from both methods.

The development of rapid bioassessment protocols has
resulted in much debate on the most efficient methods,
with respect to time, cost, etc., for processing benthic in-
vertebrate samples (Courtemanch, 1996; Growns et al.,
1997; King and Richardson, 2002, Nichols and Norris,
2006). Although we did not evaluate cost and processing
times, we would expect that live-sorting would be signif-
icantly faster. Smith et al. (1999) found that the cost of
laboratory sorted samples was about 20% greater than that
of live picking, which was 40% faster than laboratory
sorting. Other benefits to the live-sort approach include a
reduction in the amount of material that is returned to the
lab which is beneficial for hard to reach sites (Chessman,
1995), the need for less expensive equipment and less
preservatives, all which benefit community groups
(Campbell, 2007). While these are important features of
sorting protocols, ultimately, they must result in data
which is representative of the site and fits the objectives
of the study (Barbour et al., 1999). For example, the stan-
dard method evaluated here uses a Marchant box, which
has been criticized for being expensive and time consum-
ing (Perrin et al., 2005), but is necessary for estimates of
density. Additionally, in assessments in which genus or
species identification of Chironomidae provide the most
sensitive indication of impact (for example, in wetland
biomonitoring; King and Richardson, 2002), the live-sort
method may not be adequate for these objectives.

CONCLUSIONS

The goal of bioassessment should not be to completely
describe the benthic community of a site, but rather char-
acterize it in a way that allows it to be separated from
other sites in an ecologically relevant manner (Baker and
Huggins, 2005). As different agencies and programmes
have different objectives when undertaking bioassess-
ments, they may not require the same level of effort in
sample processing but may yield comparable data for cer-
tain objectives (Barbour et al., 1999). For some objec-
tives, the extra time and expense required for microscope
aided sorting may not necessarily be repaid with an in-
crease in sensitivity. Here we showed that in our streams,
live-sorting provides similar assessments of impairment
to the more labour intensive laboratory sorting. This result
is particularly beneficial to volunteer led community
groups, which often do not have the resources that are
available to government and regulatory agencies, but can
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still generate data that provide meaningful assessment of
impairment. 
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